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• We used 20-year of observationally
constrained modelled data and ground-
based observations covering 13,160
urban areas.

• We estimated the city-level trends of
urban population exposure to O3, PM2.5,
and NO2.

• Global PM2.5 exposure declined (− 0.2%
year−1) with 65% of cities showing rising
levels.

• The annual NO2 mean concentrations in-
creased at 71 % of cities (+ 0.4 %
year−1).

• Global exposure of urban population toO3

increased at 89 % of stations (+ 0.8 %
year−1).
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Ground-level ozone (O3), fine particles (PM2.5), and nitrogen dioxide (NO2) are the most harmful urban air pollutants
regarding human health effects. Here, we aimed at assessing trends in concurrent exposure of global urban population
toO3, PM2.5, and NO2 between 2000 and 2019. PM2.5, NO2, andO3mean concentrations and summertimemean of the
daily maximum 8-h values (O3 MDA8) were analyzed (Mann-Kendall test) using data from a global reanalysis, cover-
ing 13,160 urban areas, and a ground-based monitoring network (Tropospheric Ozone Assessment Report), collating
surface O3 observations at nearly 10,000 stations worldwide. At global scale, PM2.5 exposures declined slightly from
2000 to 2019 (on average,− 0.2 % year−1), with 65 % of cities showing rising levels. Improvements were observed
in the Eastern US, Europe, Southeast China, and Japan, while the Middle East, sub-Saharan Africa, and South Asia ex-
perienced increases. The annual NO2 mean concentrations increased globally at 71 % of cities (on average, +0.4 %
year−1), with improvements in North America and Europe, and increases in exposures in sub-Saharan Africa, Middle
East, and South Asia regions, in line with socioeconomic development. Global exposure of urban population to O3

increased (on average, +0.8 % year−1 at 89 % of stations), due to lower O3 titration by NO. The summertime O3

MDA8 rose at 74 % of cities worldwide (on average, +0.6 % year−1), while a decline was observed in North
America, Northern Europe, and Southeast China, due to the reduction in precursor emissions. The highest O3 MDA8
increases (>3 % year−1) occurred in Equatorial Africa, South Korea, and India. To reach air quality standards and
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mitigate outdoor air pollution effects, actions are urgently needed at all governance levels. More air quality monitors
should be installed in cities, particularly in Africa, for improving risk and exposure assessments, concurrently with
implementation of effective emission control policies that will consider regional socioeconomic imbalances.
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1. Introduction

Outdoor air pollution is a major global public health issue (Cohen et al.,
2017), leading to 4.14 million non-accidental premature deaths in both
urban and rural areas worldwide in 2019 alone (Global Burden of
Disease, 2019). In 2016, 54 % of the world's population lived in urban
areas (United Nations, 2018), where ground-level ozone (O3), particles
with an aerodynamic diameter lower than 2.5 μm (PM2.5), and nitrogen
dioxide (NO2) are the most harmful air pollutants for human health
(Pascal et al., 2013; McDuffie et al., 2021; Anenberg et al., 2022). By
2050, 70 % of the world's population will reside urban areas (United
Nations, 2018), and outdoor air pollution would lead to about 6.6 million
premature deaths (Lelieveld et al., 2015). Air pollution also adversely
affects biodiversity, ecosystems, and ecosystem services, such as nutrient
cycling (Agathokleous et al., 2020; Hu et al., 2022; Perring et al., 2022).

Since the 1990s, anthropogenic air pollutants emissions (nitrogen
oxides NOx, Volatile Organic Compounds VOCs, and PM) have decreased
in North America and Europe (Shaddick et al., 2020; Sicard et al., 2020a;
Zara et al., 2021) but increased in East Asia (Lin et al., 2017; Zheng et al.,
2018), India (Itahashi et al., 2019), and Middle East (Barkley et al.,
2017). In China, NOx emissions peaked around 2011, and subsequently
declined (Liu et al., 2017; Zheng et al., 2018). However, even in the cases
where emissions decreased, the exposures remain elevated enough to
pose risks to human health (e.g., Health Effects Institute, 2020; European
Environment Agency, 2021; Khomenko et al., 2021). In 2019, billions of
people were exposed to concentrations of PM2.5 (Southerland et al.,
2022), O3 (Sicard, 2021), and NO2 (Anenberg et al., 2022) above the
World Health Organization (WHO) Air Quality Guidelines 2005 (AQG)
for human health protection. For instance, 74 %, 4 %, and 99 % of the
European urban population was exposed to PM2.5 (10 μg m−3), NO2

(40 μg m−3), and O3 (8h daily max <50 ppb) levels above the WHO's
2

2005 limit values, respectively (European Environment Agency, 2021).
These percentages would be even higher if the newWHO AQG introduced
in 2021 [PM2.5 (5 μg m−3), NO2 (10 μg m−3), and O3 (peak season
<30 ppb)] are considered in future evaluations.

In 2019, the urban population exposure exceeding the annual WHO's
2005 limit value for PM2.5 (10 μg m−3) led to 1.8 million attributable
deaths in 13,160 urban areas with >50,000 inhabitants (Southerland
et al., 2022). Similarly, the chronic O3 exposure led to 147,100 deaths in
such cities in 2019 (Malashock et al., 2022). The NOx, as key precursors,
cause PM2.5- and O3-related premature deaths globally (Anenberg et al.,
2017). Anenberg et al. (2022) have limited the NO2 analyses to pediatric
asthma incidence, to avoid potential overlap with PM2.5, and have
estimated that 1.85 million pediatric asthma cases were attributable to
NO2 in 13,189 cities in 2019 globally.

Following the establishment of air quality standards and emission
control policies (e.g., MEP - Ministry of Environmental Protection, 2012;
European Council Directive 2008/50/EC, 2008; United States Federal
Register, 2015; European Council Directive 2016/2284/EC, 2016), the
number of air quality monitoring stations increased rapidly worldwide.
The Tropospheric Ozone Assessment Report (TOAR), initiated by the
International Global Atmospheric Chemistry Project, gathers surface O3

measurements from monitoring stations worldwide (Schultz et al., 2017).
However, the spatial distribution of monitoring stations tends to be hetero-
geneous, and gaps within time series can be noted for suitable human
health and ecological risk assessments (Araki et al., 2015; De Marco et al.,
2022). For example, ground PM2.5 measurements are missing for sites rep-
resenting >50 % of the world's urban population (Apte et al., 2021). To
overcome this issue and characterize air pollutants concentrations, particu-
larly for regions where monitoring data are sparse, the Global Reanalysis
Datasets (GRD) combine satellite observations, chemical transport models,
and data from ground-based monitoring networks to improve model



P. Sicard et al. Science of the Total Environment 858 (2023) 160064
predictions and estimates of population exposure (Hammer et al., 2020;
Anenberg et al., 2022; Southerland et al., 2022).

The Global Burden of Diseases (GBD) is a collaborative research initia-
tive assessingmortality due to 369 diseases and injuries, and 87 risk factors,
including air pollution in 204 countries and territories (Global Burden of
Disease, 2019). Estimates for population exposure to PM2.5 and O3 in
13,160 urban areas with over 50,000 inhabitants were obtained from the
Global Burden of Disease (2019), while the NO2 concentration dataset
were provided by Anenberg et al. (2022). Anenberg et al. (2022),
Malashock et al. (2022), and Southerland et al. (2022) have provided
urban average concentrations of the surface-level annual PM2.5 and NO2

mean concentrations and the highest seasonal (summertime, e.g., April–
September at 45°N latitude) average daily 8-h maximum O3 concentration
(abbreviated as “summertime O3 MDA8”) for all cities worldwide at a fine
spatial resolution from 2000 to 2019 (GRD).

Due to the length of time series and spatial coverage, both the TOAR
database and GRD offer an unprecedented opportunity to simultaneously
analyze trends in surface PM2.5, O3, and NO2 metrics. Previous papers did
not provide a deep trend analysis per country, which is profoundly impor-
tant to tackle inequalities among countries with respect to the agenda of
the United Nations (UN) Sustainable Development Goals (SDGs). Hence,
we conducted a 20-year assessment aiming at: i) detecting and estimating
the annual city-level trends in PM2.5 and NO2 mean concentrations and
human health-related O3 metric from 2000 to 2019 in urban areas using
robust statistical testing; ii) assessing the impacts of emissions control
policies on exposure of urban population to outdoor air pollution; and iii)
comparing for the first time O3 MDA8 trends obtained from ground-based
monitoring networks (TOAR) and modeling (GRD). For the first time, we
provide both observation-based and model-based trends with a concrete
estimation of the magnitude per country at global scale. In this study, we
hypothesized that short-term changes over 20-year time-series are attrib-
uted to emissions changes. To capture any changes over time, we have
calculated the trend magnitude over the time periods 2000–2009 and
2010–2019, in addition to 2000–2019 for all countries.

2. Materials and methods

2.1. Ground measurements

The TOAR database (https://join.fz-juelich.de) gathers surface O3 ob-
servations from 10,030 monitoring stations around the world since the
1970s (Schultz et al., 2017). For the robustness of the study, we applied
criteria in selecting stations. We selected monitoring stations with
>50,000 inhabitants in a radius of 5 km around the station location and
with over 75 % of validated hourly data per year, for a minimum time pe-
riod of 10 years from 2000 onward. In China, the surface O3 monitoring
started in 2013, thus the Chinese stations were not included for ground
measurements analyses. Finally, 519 urban monitoring stations were se-
lected from 28 countries worldwide over the time period 2000–2019.
From year to year, the number of monitoring stations did not significantly
change.

In previous epidemiological studies, the summertime O3 MDA8 was
significantly correlated with all-causes, respiratory, and circulatory mortal-
ities (Bell et al., 2007; Jerrett et al., 2009; Turner et al., 2016; Lefohn et al.,
2018). In our study, we investigated: i) the annual O3 mean concentrations
incorporating both high and low O3 exposures, and ii) the summertime O3

MDA8 to represent the higher O3 exposure levels of population in urban
areas (Lefohn et al., 2018).

2.2. Global Reanalysis Dataset (GRD)

The urban built-up area is from the Global Human Settlement Layer -
Settlement Model (GHS-SMOD dataset1) to categorize all grid cells as
1 https://ghsl.jrc.ec.europa.eu/ghs_smod2019.php

3

urban area, and the high-resolution geospatial data on population distribu-
tion is from theWorldpop dataset2 at about 1 km of spatial resolution for all
years from 2000 to 2019 (Tatem, 2017; Lloyd et al., 2019). Finally, 13,160
urban areas (from 176 countries) were defined with >50,000 inhabitants.
In all grid cells categorized as urban according to the GHS-SMOD, estimates
for PM2.5, NO2, and O3 levels were obtained.

In short, the surface annual PM2.5 mean concentrations were obtained
from Hammer et al. (2020) at high spatial resolution (about 1 km× 1 km
at the equator), and recently used by Southerland et al. (2022). The PM2.5

dataset includes satellite-retrieved aerosol optical depth from three satellite
sensors (Moderate Resolution Imaging Spectroradiometer, Sea-viewing
Wide Field-of-View Sensor, and the Multiangle Imaging Spectroradiometer),
the global 3-D chemical GEOS-Chem model (Goddard Earth Observing
System), combined to ground-based observations of PM2.5 (>10,400monitor-
ing stations from 116 countries) using a geographically weighted regression
(Hammer et al., 2020; Southerland et al., 2022). The estimated annual
mean PM2.5 concentrations are well correlated (coefficient of determination
r2 = 0.90–0.92) to ground-based measurements (Southerland et al., 2022).

The dataset of annual NO2 mean concentrations (1 km × 1 km spatial
resolution) was developed by Larkin et al. (2017) and Anenberg et al.
(2022), by combining annual measurements from a land use regression
model from 5220 air monitors in 58 countries (mostly in Asia, Europe, and
North America) with tropospheric NO2 column observations and reanalysis
from O3 Monitoring Instrument satellite (Larkin et al., 2017). The estimated
annual mean NO2 concentrations are well correlated to ground-based
measurements with r2 ranged from 0.42 in Africa to 0.67 in South America,
and r2= 0.52–0.54 in North America, Europe, and Asia (Larkin et al., 2017).

Most of epidemiological studies used summertime O3 MDA8 as human
health-related O3 metric (Global Burden of Disease, 2019). De Lang et al.
(2021) used M3Fusion and Bayesian Maximum Entropy Data Fusion to
integrate ground-level O3 measurements from the TOAR and the Chinese
National Environmental Monitoring Center Network (8834 monitoring
sites globally) with nine global atmospheric chemistry models based on
their ability to predict observations in each region and year. The summer-
time O3 MDA8 was calculated as the annual maximum of the six-month
running mean of the average daily 8-h maximum O3 concentration. The
summertime O3 MDA8 were produced across the entire globe for every
year from 2000 to 2019 at a spatial resolution of approximately 11 km at
the equator. For our analyses, we used regridded O3 data from 11 km to
1 km resolution (Malashock et al., 2022). By ground validation, the
approach led to greater confidence in the model predictions (r2 = 0.81 at
the test point, and r2 = 0.63 at 0.1° of resolution) and estimates of
human exposures (De Lang et al., 2021). The O3MDA8 datasetwas recently
used by Malashock et al. (2022) for all cities worldwide.
2.3. Statistical estimation of annual trends

To assess short-term changes, a 20-year time-series is long enough
(Monks et al., 2015) as the observed changes are likely attributed to emis-
sions changes rather than meteorological variations (Sicard, 2021). Both
non-parametric Mann-Kendall test and Sen's slope estimator were applied
to detect and estimate the trend magnitude within time-series (Sicard
et al., 2016). Both tests were applied for the modelled annual PM2.5 and
NO2 mean concentrations and summertime O3 MDA8 (GRD dataset) in
13,160 urban areas (in 176 countries including China)with>50,000 inhab-
itants over the time period 2000–2019. Both tests were also applied for the
observed annual O3 mean concentrations and summertime O3 MDA8
(TOAR dataset) in 519 urban monitoring stations (with >50,000 inhabi-
tants in a radius of 5 km excluding China). For all countries, we have
calculated the trend magnitude over three time periods, 2000–2009,
2010–2019, and 2000–2019, in order to capture changes over time. Results
were considered statistically significant at a p value of <0.05. For each
country, a country-averaged urban trend magnitude was calculated from
2 https://www.worldpop.org/

https://join.fz-juelich.de
https://ghsl.jrc.ec.europa.eu/ghs_smod2019.php
https://www.worldpop.org/
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trends at p < 0.05 (in % per year) as well as the percentage of urban areas
with an increase/decrease trend. The 1-km resolution of data is not impor-
tant here as we analyzed trends magnitude over time, thus we captured
well the trends for a given location.

For the first time, we compared the 20-year O3 MDA8 trends calculated
from theGRD (simulated)with the trends calculated from theTOARdatabase
(observed). For that, we computed pointwise the Root Mean Square Error
(RMSE) and the Mean Bias (MB) between the simulated and measured
values, and then averaged for each country. The RMSE provides information
about the short-term performance of a model by allowing a term-by-term
Fig. 1. a: Annual trends in PM2.5 mean concentrations (in % per year) in urban areas w
b: Frequency distribution of the trends of PM2.5 annual mean concentrations (in % per y

4

comparison of the actual difference between the estimated and themeasured
value. The MB provides the absolute bias of the model, with negative and
positive values indicating underestimation and overestimation by the model.

3. Results

3.1. Trends in PM2.5 concentrations in urban areas

For annual PM2.5 mean concentrations, 65% of the urban areas showed
an increase between 2000 and 2019 (Table 1S). The trends magnitude
ith >50,000 inhabitants over the time period 2000–2019.
ear) in urban areas with >50,000 inhabitants over the time period 2000–2019.
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varied widely among regions (Fig. 1a). From 2000 to 2019, >2 % year−1

reductions in PM2.5 were observed in the Eastern US, 1–2 % year−1 reduc-
tions in North America, Europe, Western Africa, and Eastern Asia, 1–2 %
year−1 increases in Southeast Asia, the Middle East, parts of South
America and East Africa, and >3 % year−1 increases in South Asia
(Fig. 1b). There is a small area of positive trends over Eastern China,
e.g., in Heilongjiang region (> 3 % per year). From 2000 to 2019, the aver-
age annual PM2.5 mean concentrations increase was 3.1 % year−1 in all
urban areas in Bangladesh, and 2.8 % year−1 at 99 % of Indian urban
areas (Table 1S). Between 2000 and 2019, the annual PM2.5 mean concen-
trations decreased by 1.2 % year−1 in Canada, with 85 % of urban areas
showing a decline, and declined by 1.5 % year−1 in 95 % of the US urban
areas and by 1.2 % year−1 at 99 % of EU-28 urban centers (Table 1S).

By comparing the time periods 2000–2009 (Fig. 1S) and 2010–2019
(Fig. 2S), the main changes were observed in the Middle East and Asia,
with sustained PM2.5 increases in South Asian urban areas conversely to
improvements in Chinese urban areas. At global scale, the annual averaged
PM2.5 concentrations increased in 59 % of urban areas between 2000 and
2009 (Table 2S), and in 45 % of urban areas between 2010 and 2019
(Table 3S). Between 2000 and 2009, the annual PM2.5 levels declined by
2.1 % year−1 in Canada, by 1.9 % year−1 in the US, and by 1.7 % year−1

in EU-28 urban centers, where 98 %, 88 %, and 95 % of urban areas exhib-
ited a decrease, respectively. These figures are lower over the time period
2010–2019: - 0.1 % year−1 in Canada, − 1.2 % year−1 in the US, and
- 1.8 % year−1 in EU-28, with respectively 74 %, 78 %, and 91 % of
urban areas showing a decrease. An increase in PM2.5 was observed at
78 % of China's urban areas (on average + 1.6 % year−1) over the period
2000–2009, whereas 97 % of Chinese urban areas exhibited a decrease
(on av. - 3.5 % year−1) between 2010 and 2019. In India, the trends were
quite similar to China over both decades, i.e., on average + 1.6 % year−1

with 85 % of urban areas showing an increase in PM2.5 in 2000–2009,
and + 1.2 % year−1 with 78 % of urban areas showing a decrease in
2010–2019.

3.2. Trends in NO2 concentrations in urban areas

At global scale, the annual averaged NO2 concentrations increased at
71 % of the urban areas between 2000 and 2019 (Table 1S). From 2000
to 2019, >2 % year−1 reductions in NO2 were observed in the North
America and Western Europe, 1–2 % year−1 reductions in central Europe,
equatorial Africa, and parts of Eastern Asia, while 1–2 % year−1 increases
were observed in South America, Africa, Middle East, and South Asia. In
South Asia, higher than 4 % year−1 increases were reported (Fig. 2. a).
Except in the US and Europe, the spatial distribution of trend magnitude
is widely heterogeneous (Fig. 2. a). From 2000 to 2019, the annual aver-
aged NO2 concentrations increased by 2.4 % year−1 in all urban areas in
Bangladesh, by 3.2 % year−1 in 92 % of urban areas in Vietnam, and by
2.2 % year−1 at 99 % of Indian urban areas (Table 1S). In the Middle
East, the NO2 levels increased by 1.6 % per year at 90 % of urban areas
over the time period 2000–2019. In China, 56 % of urban areas showed
an increase in NO2 levels with an averaged trend of +0.5 % per year. The
annual averaged NO2 concentrations decreased by 2.1 % year−1 in 96 %
of urban areas in Canada, by 2.8 % year−1 in all urban areas in the US,
and by 1.1 % year−1 at 95 % of EU-28 urban areas (Table 1S).

By comparing both time periods 2000–2009 (Fig. 3S) and 2010–2019
(Fig. 4S), the main changes were observed in central (e.g., Poland) and
Southwestern Europe (Portugal, Spain), the Middle East and Eastern Asia,
with strong improvements in Chinese urban areas. At global scale, the
annual averaged NO2 concentrations increased in 69 % of urban areas
between 2000 and 2009 (Table 2S) and in 55 % of urban areas between
2010 and 2019 (Table 3S). In China, surface NO2 increased at 85 % of
urban areas (on av. + 1.6 % year−1) over the period 2000–2009, while
93 % of Chinese urban areas reported a decrease (on av. - 3.5 % year−1)
between 2010 and 2019. In the Middle East, the NO2 levels increased by
3.1 % year−1 over 2000–2009 and by 1.8 % year−1 over 2010–2019. In
the EU-28 countries, the annual averaged NO2 concentrations slightly
5

increased by 0.1 % year−1, while 77 % of urban areas showed a decrease
over the time period 2000–2009. The NO2 levels also declined by 1.1 %
year−1, with 87 % of urban areas showing a decrease between 2010 and
2019. In Portugal and Spain, the surface NO2 concentrations increased by
4.6–4.7 % year−1 between 2000 and 2009 (in >85 % of urban centers) and
declined by 1.6–2.8 % year−1 from 2010 to 2019 in >90 % of urban areas
(Table 2S\\3S). In all urban areas in Poland, NO2 decreased (− 1.0 %
year−1) from 2000 to 2009, with a further decrease (− 3.5 % year−1)
from 2010 to 2019. Between 2000 and 2009, the annual NO2 levels declined
by 2.9 % year−1 in Canada and by 2.6 % year−1 in the US, with 96 % and
98 % of urban areas exhibiting a decrease, respectively. From 2010 to
2019, we found - 0.8 % year−1 in Canada, and - 2.2 % year−1 in the US
with 74 %, and 93 % of urban areas showing a decrease.

3.3. Trends in urban population exposure to O3

3.3.1. Simulated versus observed trends in summertime O3 MDA8
The RMSE between the simulated (GRD) andmeasured (TOAR) values for

the whole domain was 1.026 ppb year−1 (data not shown). For the whole do-
main, the averagedMBwas 0.11 ppb year−1 (overestimation). The largest dis-
crepancies (overestimation) were observed in Mexico (+ 1.59 ppb year−1),
The Netherlands (+ 0.97 ppb year−1), and Taiwan (+ 0.83 ppb year−1)
while the best performance with slight underestimations were observed
in Germany (− 0.04 ppb year−1), Israel (− 0.05 ppb year−1), and Spain
(− 0.07 ppb year−1).

3.3.2. Trends in summertime O3 MDA8
The summertime O3MDA8, calculated from the GRD, increased at 74%

of the urban areas between 2000 and 2019 (Table 1S). From 2000 to 2019,
reductions in summertime O3 MDA8 occurred in the North and Central
America, Northern Europe, Japan, and Southeastern China. Conversely,
we observed increases of 1–2 % year−1 in South America, North Africa,
sub-Saharan and South Africa, Middle East, Northeastern China, and
South Asia, and higher increases (>3 % year−1) in Equatorial Africa,
South Korea, and India (Fig. 3a-b). From 2000 to 2019, the trends in sum-
mertime O3 MDA8 ranged between −1 and + 1 % year−1 in Central and
Southern Europe. The summertime O3 MDA8 decreased by on average
0.7% year−1 in the US, with 88% of urban areas showing an O3 MDA8 de-
crease; 0.5 % year−1 in 92 % of urban areas in Northern Europe and 0.2 %
year−1 in China in 67% of urban areas (Table 1S). In Southern and Central
Europe, the averaged trend was 0.1 % year−1. In Northern Africa, the sum-
mertime O3MDA8 increased by 0.6% year−1 at 87% of urban areas, while
an increase of 2.3% year−1 was noted in 96%of urban areas in Democratic
Republic of the Congo. The increase trend was 1.3 % year−1 in all Indian
urban areas, and 2.5 % year−1 in all South Korean urban areas. Also, an
increase trend of 2.1, 3.8, and 4.2 % year−1 was observed in all urban
areas of Ethiopia, Somalia, and the Republic of the Congo, respectively,
over the time period 2000–2019 (Table 1S).

Considering both time periods, 2000–2009 (Fig. 5S) and 2010–2019
(Fig. 6S), strong improvements were observed in East Asia, while O3

MDA8 increases were found in India and in some parts of South America
e.g., Peru and Brazil in particular nearby Sao Paulo. At global scale, the
summertime O3 MDA8 increased in 85 % of urban areas between 2000
and 2009 (Table 2S) and in 72 % of urban areas between 2010 and 2019
(Table 3S). In East Asia, summertime O3 MDA8 increased in 99 % of
urban areas in China (on average + 2.0 % year−1) and in 79 % of urban
areas in Japan (on average + 1.0 % year−1) over the period 2000–2009.
Conversely, O3 MDA8 significantly decreased in 76 % of Chinese urban
areas (on average - 1.0 % year−1) and in 80 % of urban areas in Japan
(on average - 0.7 % year−1) between 2010 and 2019. In India, the O3

MDA8 increased by 0.9 % per year in 2000–2009 and by 2.0 % per year
in 2010–2019 in all urban areas. In Brazil, the O3 MDA8 decreased by
0.1 % year−1 between 2000 and 2009 (in 59 % of urban centers) and
increased by 1.7 % year−1 from 2010 to 2019 in 99 % of urban areas. In
the EU-28 countries, the summertime O3 MDA8 slightly increased by on
average 0.1 % year−1, with 60 % of urban areas showing an O3 MDA8



Fig. 2. a: Annual trends in NO2 mean concentrations (in % per year) in urban areas with >50,000 inhabitants over the time period 2000–2019.
b: Frequency distribution of the trends of NO2 annual mean concentrations (in% per year) in urban areas with>50,000 inhabitants over the time period 2000–2019. Outliers
over 10 % not represented for the sake of clarity.
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increase between 2000 and 2009 (Table 2S), and declined by 0.3% year−1,
while 61 % of urban areas showed an increase between 2010 and 2019
(Table 3S). In the US, the O3 MDA8 decreased by 0.6 % year−1 between
2000 and 2009 (in 87 % of urban centers) and by 0.9 % year−1 from
2010 to 2019 in 84 % of urban areas. In Canada, the trend is quite null
(− 0.04 % year−1) between 2000 and 2009, while O3 MDA8 declined by
0.9 % year−1 at 80 % of urban areas between 2010 and 2019.

From ground measurements stations (included in TOAR database),
the summertime O3 MDA8 decreased by on average 0.5 % year−1,
6

with 71 % of EU cities showing a O3 MDA8 decrease between 2000
and 2019 (Fig. 4, Table 4S). The highest decreases were observed in
the Netherlands (on average - 1.3 % year−1) and Ireland (on average
- 1.8 % year−1), while the highest increases were recorded in Spain
(on average + 0.4 % year−1) and Bulgaria (on average + 0.9 %
year−1). In Canada and the US, the summertime O3 MDA8 significantly
decreased by about 0.8 % year−1, with 67 % and 92 % of cities, respec-
tively, showing a decrease between 2000 and 2019 (Fig. 4). In Brazil,
the summertime O3 MDA8 increased by 0.4 % per year. In East Asia,



Fig. 3. a: Annual trends in the highest seasonal average daily 8-h maximum O3 concentration (in % per year) in urban areas with >50,000 inhabitants, from the global
reanalysis datasets, over the time period 2000–2019.
b: Frequency distribution of the trends of the highest seasonal average daily 8-hmaximumO3 concentration (in% per year) in urban areas with>50,000 inhabitants over the
time period 2000–2019.
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the summertime O3 MDA8 increased in 92 % of cities in South Korea
(on average + 1.9 % year−1) and decreased in 76 % of cities in Japan
(on average - 0.6 % year−1) between 2010 and 2019 (Table 4S).

3.3.3. Trends in annual O3 mean concentrations
A rise was observed in 84 % of the 154 urban centers in the EU (on aver-

age + 0.5 % year−1) between 2000 and 2019 (Fig. 5, Table 4S). In the EU,
7

a decline of O3 levels was observed in Ireland (on average - 1.7 % year−1),
Hungary (on average - 0.6 % year−1), and Poland (on average - 0.4 %
year−1), whereas the highest increases were recorded in Bulgaria (on
average + 2.2 % year−1) and Spain (on average + 2.4 % year−1). In
Canada and the US, the annual O3 mean concentrations increased by
2.4 % year−1 and 1.6 % year−1, with 100 % and 90 % of urban areas,
respectively, showing rising O3 levels between 2000 and 2019. In East



Fig. 4. Annual trends in the highest seasonal average daily 8-h maximum O3 concentration (in % per year) in urban areas with >50,000 inhabitants, from ground-based
monitoring networks (Tropospheric Ozone Assessment Report) over the time period 2000–2019.
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Asia, rising O3 levels are observed in 98 % of urban areas in South Korea
(on average + 3.9 % year−1) and in 91 % of urban areas in Japan (on
average + 1.4 % year−1) between 2010 and 2019 (Table 4S). In
Australia, the urban O3 levels rose by 1.1 % year−1. In America, Chile
(on average - 1.0 % year−1) and Mexico (on average - 1.3 % year−1)
showed a decline of O3 levels in urban areas.
Fig. 5. Annual trends in annual O3 mean concentration (in % per year) in urban areas
Ozone Assessment Report), over the time period 2000–2019.
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4. Discussion

4.1. Trends in PM2.5 concentrations in urban areas

The highest annual PM2.5 mean concentrations were observed in East
and South Asia (>45 μg m−3), in particular in India (>75 μg m−3),
with >50,000 inhabitants, from ground-based monitoring networks (Tropospheric
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reflecting a wide variety of sources such as vehicular, industrial and bio-
mass burning emissions (e.g., Singh et al., 2017; Zhang et al., 2018) while
mineral dust sources were mostly dominant over North Africa and the Mid-
dle East (Weagle et al., 2018). Lower concentrations were reported over
North America andWestern Europe (<15 μg m−3) reflecting regional emis-
sion controls (e.g., Simon et al., 2015; Li et al., 2017). Themost polluted re-
gions were South Asia, China, and India, and the less polluted regions were
Europe and Japan (Zhang et al., 2020). Between 2000 and 2019, a large
majority of the world's urban population (86 % in 2019, i.e., 2.5 billion
people) lived in urban areas with PM2.5 levels exceeding the WHO's 2005
limit value of 10 μgm−3 (Southerland et al., 2022).Most urban areas meet-
ing the WHO AQG were in North and South America, Africa, and Europe
(Southerland et al., 2022).

Apte et al. (2021) and Hammer et al. (2020) investigated satellite-
derived surface PM2.5 concentrations in 4231 urban areas (with
>100,000 inhabitants) over the time period 1998–2018 and found similar
results, i.e., about 2 % year−1 reductions in PM2.5 in the Eastern US and
Western Europe, and 1–3 % year−1 increases in PM2.5 in South and South-
east Asia, the Middle East, South America and East Africa. The PM2.5 levels
decreased by 12 % in urban areas >50,000 inhabitants in Western Pacific
Fig. 6. Annual trends in annual PM2.5, NO2 and O3 mean concentrations and of the hig
areas, from literature (refers to Table 7S) compared to our study over the time period
study from ground-based monitoring networks (Tropospheric Ozone Assessment Repor

9

(including China) and by 21 % in European urban areas between 2000
and 2019 (Southerland et al., 2022). In the EU-28, the annual PM2.5

mean concentrations declined by 0.42 μg m−3 per year at 826 urban
stations from 2000 to 2017 (European Environment Agency, 2019), in
agreement with our result (0.32 μg m−3 year−1) calculated from 706
urban areas in the EU-28 between 2000 and 2019.

Significant reductions in annual PM2.5 mean concentrations were also
reported in literature (Fig. 6, Table 7S) e.g., in Western Europe (Geddes
et al., 2016; Khaniabadi and Sicard, 2021), at 390 urban sites in the US
over the time period 2000–2020 (United States Environmental Protection
Agency, 2021), and in the UK between 2005 and 2018 (Vohra et al.,
2021). Similarly to our results, a substantial increase in PM2.5 was reported
in two large cities in India (Kanpur, and Delhi) in 2005–2018 (Vohra et al.,
2021). The PM2.5 mean concentrations increased in 350 Chinese prefec-
tures during 1999–2011 (Han et al., 2015), while we reported a slight
decrease between 2000 and 2019. In China, PM2.5 emissions and concentra-
tions continuously increased until 2007 as few air pollution control policies
were implemented and driven by economic development (Xiao et al.,
2020), and subsequently declined from 2013, with a 30–50 % decrease of
annual mean PM2.5 across China over 2013–2018 (Zhai et al., 2019).
hest seasonal average daily 8-h maximum O3 concentration (in % year−1) in urban
2000–2019. For summertime O3 MDA8, we also compared trends obtained in our
t, TOAR) and the global reanalysis dataset (GRD) to literature.
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Geddes et al. (2016) have estimated the trends in surface PM2.5 from
satellite-derived data over urban areas at 0.1° × 0.1° spatial resolution be-
tween 1998 and 2012, while we averaged the individual trends from the
GRD by joining all urban centers e.g., in North America (388 urban centers)
and East Asia (1926 urban centers).
4.2. Trends in NO2 concentrations in urban areas

Higher annual NO2 mean concentrations (>10 μg m−3) were observed
in Eastern US, Western Europe (Benelux) and Eastern China, reflecting a
wide variety of sources such as transport, industry and/or coal-fired
power stations, while lower concentrations (< 5 μg m−3) were reported
in Africa, Oceania, and Australia (Geddes et al., 2016; Achakulwisut
et al., 2019). In 2019, <5 % of the EU-28 population was exposed to NO2

concentrations above the WHO's 2005 AQG (40 μg m−3), while this figure
reaches 89 % by considering the recently updated version of WHO AQG
(10 μg m−3). About three-quarters of urban areas globally have NO2 levels
exceeding the new WHO AQG, i.e., about 77 % of the world's urban popu-
lation (World Health Organization, 2022). Most urban areas meeting the
WHO AQG are located in South Hemisphere and above 50°N latitude
(Anenberg et al., 2022).

The estimated NO2 concentration trends are consistent with previous
studies in the US, Europe, Middle East, and Asia based on ground observa-
tions, satellite-derived data, and modeling outputs (e.g., Barkley et al.,
2017; Georgoulias et al., 2019; Itahashi et al., 2019; Jamali et al., 2020; Qu
et al., 2020; Zara et al., 2021). By applying a linear regression, Anenberg
et al. (2022) found that the annual averaged NO2 concentrations decreased
globally by 13 % from 2000 to 2019 in 13,160 urban areas while the NO2

levels increased by 18 % in South Asia and 11 % in sub-Saharan Africa
(Anenberg et al., 2022). In the EU-28, the annual NO2 mean concentrations
declined by 0.39 μg m−3 per year by joining 708 urban stations between
2002 and 2011 (Guerreiro et al., 2014), and here we found a magnitude of
0.15 μg m−3 year−1 by joining 720 urban areas between 2000 and 2019.

Similar trend magnitudes in surface NO2 concentrations were reported
in literature (Fig. 6, Table 7S) e.g., in Europe (Geddes et al., 2016), in the
Netherlands (Zara et al., 2021), in the UK (Vohra et al., 2021), in North
America (Geddes et al., 2016; Qu et al., 2020), in the Middle East
(Geddes et al., 2016; Barkley et al., 2017), and in India (Vohra et al.,
2021), and in South Asia (Geddes et al., 2016). Slight differences can be ob-
served between our study and satellite-derived trends obtained by Geddes
et al. (2016) in East Asia and North America over the time period
1996–2012. Tropospheric NO2 decreased by 49 % over the US and the
UK, by 36 % in Italy and Japan, and by 32 % over Germany and France;
however, it was increased in developing regions, e.g., by 160 % in China
and 33 % in India between 1996 and 2017 (Itahashi et al., 2019;
Georgoulias et al., 2019).
4.3. Trends in urban population exposure to O3

Higher surface O3 levels were found in the North Hemisphere, high-
lighting a hemispheric asymmetry (Schultz et al., 2017). In urban areas,
the highest annual O3 mean concentrations (> 40 ppb) were observed
around the Mediterranean basin (Sicard et al., 2013), in Western US, and
in East Asia, while the lowest O3 levels (< 15 ppb) were observed in
South Hemisphere e.g., in Australia (Sicard et al., 2017). In theNorthHemi-
sphere, a latitudinal gradient was reported with lower O3 concentrations in
northern part ranging from 25 to 55 ppb (Schultz et al., 2017). The summer
mean values of the O3 MDA8 exceeded 60 ppb, with O3 peaks frequently
exceeding 120 ppb, in megacities in Southern Europe, Western US, and
Eastern China, (e.g., Zhao and Wang, 2017; Li et al., 2018; Flynn et al.,
2021). Almost the entire world's population (>90 %) lives in areas with
air exceeding the O3 safe level of the WHO's 2005 AQG (8 h daily max
<50 ppb). In EU-28, over 95 % of the population was exposed to O3 levels
exceeding the WHO's 2005 AQG since 2000 (Sicard et al., 2021).
10
4.3.1. Trends in O3 exposure
The simulated trends in summertimeO3MDA8 calculated from theGRD

are in full agreement with the trends obtained from ground-basedmeasure-
ments (TOAR database), and those reported in literature in Europe, North
America, and East Asia between 2000 and 2019 (Fig. 6, Table 7S). For
instance, by calculating the trends in summertime O3 MDA8 from TOAR
database, Chang et al. (2017) found a slight decrease at 260 urban stations
in Europe (on average - 0.1 % year−1) and at 140 urban stations in North
America (on average - 0.5 % year−1), while an increase was found in East
Asia (on average + 1.1 % year−1) in 2000–2014. In China, the simulated
trends calculated from the GRD are much lower than those reported in lit-
erature (Liu et al., 2019; Xu et al., 2020; Yin et al., 2021; Bei et al., 2022)
as the time period is shorter (from 2013 to 2019) and based on ground
monitoring stations.

The trends in annual O3 mean concentrations calculated from the GRD
are in line with the trends obtained from ground-based monitoring
networks, and those reported in literature (Fig. 6, Table 7S). Rising annual
O3 mean concentrations were previously reported for urban areas world-
wide from the 1990s onward, in particular since 2005 (Sicard, 2021). The
O3 baseline level is rising in the urban areas in Australia, North America,
Japan, and South Korea between 2000 and 2019 (Simon et al., 2015;
Chang et al., 2017; Fleming et al., 2018; Jung et al., 2018; Kim and Lee,
2018; Yan et al., 2019; Sicard et al., 2020a). A slight difference is found
in North America where Chang et al. (2017) reported a slight decrease at
140 urban stations (− 0.25 % year−1) while an increase (+ 1.8 %
year−1) was found by joining 53 US urban centers (this study). Rising O3

levels at urban stations were reported in Eastern China from 2001 onward
(Gao et al., 2017; Sicard, 2021). For instance, the O3 mean concentrations
increased by 2.9 % year−1 between 2007 and 2016 in Beijing (Xu et al.,
2020). Africa (e.g., Ethiopia, Democratic Republic of the Congo, and
Nigeria) and South Asia (e.g., India, Pakistan, and Bangladesh) were char-
acterized by increased O3 mean concentrations between 2010 and 2019.
For example, Ethiopia and India experienced a steep increase of 27 % and
17 %, respectively (Health Effects Institute, 2020).

4.3.2. Trends in O3 precursors emissions
In the US, on-road transport contributes to 41 % and 19 % of total NOx

and VOCs emissions, and the successive Tier standards have lowered the
NOx and VOCs emissions respectively by 55 % and 47 % between 2005
and 2018 (Sicard et al., 2020a). In European urban areas, the on-road trans-
port emissions contribute to 8–10 % of ground level O3 in winter and up to
15–24 % in summer (Mertens et al., 2019). In addition to vehicle emission
regulations, the progress in the flue-gas treatments, in the storage and
distribution of solvents, and the shift of power plants from coal to cleaner
fuels e.g., natural gas (Lefohn et al., 2018; Zhang et al., 2018; Goldberg
et al., 2019) led to NOx and VOCs reductions e.g., in North America
(NOx: - 3.7 % year−1; VOCs: - 3.3 % year−1), in the EU-28 (NOx: - 2.7 %
year−1; VOCs: - 2.6 % year−1), and in East Asia (NOx: + 4.3 % year−1;
VOCs: + 2.3 % year−1) since 2000 (Zheng et al., 2018; Sicard et al.,
2020a).

In spring and summer, the photochemistry plays a major role in the O3

formation (Tørseth et al., 2012; Simon et al., 2015). The substantial reduc-
tion in O3 precursor emissions led to a reduction in health-related metrics,
e.g., summertime O3 MDA8, and in O3 peaks worldwide (de Foy et al.,
2020; Akimoto and Tanimoto, 2022). However, in most urban areas
under VOCs-limited regime, the O3 mean concentrations increased due to
a lowered titration of O3 by NO (Bach et al., 2014; Huszar et al., 2015;
Sicard et al., 2020a) following the implementation of stringent Directives
to reduce local NOx emissions e.g., in Canada (ECCC, 2016), Japan (Wang
et al., 2014), South Korea (Seo et al., 2018), as well as across the EU
(European Environment Agency, 2019) and the US (Simon et al., 2015;
Winkler et al., 2018). High increases in O3 mean concentrations, and sum-
mertimeO3MDA8, were observed in SouthKorea in 2000–2019. The rising
NOx and VOCs emissions in China contribute up to 90 % to the O3 MDA8
recorded in background stations in South Korea due to air mass transport
(Kim and Lee, 2018). In China, the O3 formation potential rose from
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38.2 to 99.7Tg of O3 between 1990 and 2017 due to rising NOx and VOCs
emissions (Li et al., 2019).

To date, the national and European emissions control strategies focused
more on NOx than on VOCs and did not shift the chemical regimes from
VOC- to NOx-limited conditions, enhancing the O3 formation in urban
areas (Akimoto and Tanimoto, 2022). As effective long-term policy to
reduce urban O3 levels and human health risks, we recommend concurrent
significant decrease of VOCs sources and slight changes in NOx emissions
(McDonald et al., 2018; Akimoto and Tanimoto, 2022). Green urban infra-
structure can mitigate O3 pollution in cities (Nowak et al., 2018). Biogenic
VOCs (BVOCs) contribute up to 90% of the total VOCs emissions, with 99 %
of BVOCs emitted from vegetation (Cao et al., 2022). Hence, low VOCs
emitting tree species should be selected for greening and re-naturing
programs (Sicard et al., 2022).

To date, the spatial distribution of air quality monitoring stations is het-
erogeneous, in line with major population centers, e.g., Eastern US is well
covered. Sparse spatial observations for air pollutants, particularly in
Africa, do not provide a reliable source of data for the risk assessment of
population to ambient air pollution. A fundamental question is whether
the number and location of background monitoring stations are adequate
to optimally cover a city. The spatial representativeness of urban back-
ground monitoring stations depends on e.g., air pollutants, location,
urban spatial structure, population density, and dispersion dynamic of
each pollutant. The median representative areas of urban background sta-
tions are 8–43 km2 for NO2, 35–79 km2 for PM10, and 94–105 km2 for
O3, and drop to 0.5 km2 and 0.6 km2 for PM10 and NO2, respectively for
traffic stations (Kracht et al., 2017). More air quality monitors need to be
installed in urban centers, but also in the countryside, to facilitate the risk
assessment of rising air pollutants (e.g., O3) and the generation of optimal
maps as valuable tools for risk and exposure assessments.

5. Conclusions

The most PM2.5-polluted (> 45 μg m−3) regions in the world were the
sub-Saharan Africa, and the East and South Asia, whereas the less polluted
(< 15 μg m−3) regions were Western Europe, the US, and Japan. Higher
NO2 concentrations (> 10 μg m−3) were observed in Eastern US, Western
Europe, and Eastern China, whereas lower concentrations (< 5 μg m−3)
occurred in the South Hemisphere, e.g., Oceania, and Australia. South
Asia experienced the highest NO2 exposures, which aligns with socio-
economic development and national policy actions. The highest O3 expo-
sures (> 40 ppb) were observed in the latitude band 15–45°N, particularly
around the Mediterranean basin, while the lowest O3 levels (< 15 ppb)
were found in South Hemisphere.

Global exposure of urban population to PM2.5 slightly declined from2000
to 2019 (on av.,− 0.2 % per year), and 65% of the urban areas in the world
showed an increase of annual PM2.5 mean concentrations. From 2000 to
2019, some regions have experienced improvements, particularly Eastern
US, Europe, Southeast China, and Japan. However, other regions have expe-
rienced increases in exposures, in particular the Middle East, sub-Saharan
Africa, and Southeast Asia. The largest increases in annual PM2.5 mean con-
centrations occurred in urban areas of SouthAsia (e.g., India, Bangladesh) be-
tween 2000 and 2019 while the largest improvement in PM2.5 exposure
occurred in Eastern China between 2000 and 2009 and 2010–2019.

At global scale, the annual NO2mean concentrations increased at 71% of
the urban areas between 2000 and 2019 (on av., + 0.4 % per year). From
2000 to 2019, some regions have experienced improvements, especially
North America and Europe. The sub-Saharan Africa, Middle East, and South
Asia regions have experienced increases in exposures. The population expo-
sure to NO2 across these regions remained constant over the past two
decades, with south Asia experiencing the highest exposures, in line with
socioeconomic development and national policy actions (Anenberg et al.,
2022). The largest improvements in NO2 exposure occurred in Eastern
China between both time periods 2000–2009 and 2010–2019.

On average, global exposure of urban population to O3 increased
between 2000 and 2019. The summertime O3 MDA8 concentrations rose
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at 74 % of the urban areas worldwide (on av., + 0.6 % per year), while
O3MDA8 showed a decline in North America, Northern Europe, and South-
east China, due to the substantial reduction in O3 precursor emissions lead-
ing to reduced photochemical O3 formation. The highest O3 MDA8
increases (> 3 % per year) were reported in Equatorial Africa, South
Korea, and India. However, the mean concentrations are sensitive to the
NOx titration effect, and its concentrations increased in urban areas
e.g., at 89 % of the 519 TOAR stations (on av. 0.8 % per year) between
2000 and 2019. The rising O3 levels become a major public health issue
in urban areas where the number of O3-related premature deaths increased
over time, e.g., + 0.55 deaths per 1,000,000 people in the EU-28 cities
between 2000 and 2017 (Sicard et al., 2021). For health impact assessment,
themetrics recommended by theWHO, e.g., O3MDA8 or SOMO35 (Sum of
daily maximum of 8-h Ozone Means Over 35 ppb), summarize the highest
exposure to O3 over one year. Both O3 MDA8 and SOMO35 do not account
for rising background O3 concentrations and their possible effects on
human health over time. Hence, a need emerges to develop and use
human health impact metrics with no concentration/exposure threshold,
while also allowing the possibility of non-linear effects.

The establishment and implementation of emission control strategies, in
individual countries worldwide, led to geographically heterogeneous
magnitude of trends, in particular for surface O3 levels, thus enlarging
inequalities among countries and geographical regions. Cities influence
their surroundings, but at the same time their air quality is heavily
influenced by sources in the region of the city, other cities, or even other
countries. For a cleaner air in cities, a cooperative approach across spatial
scales and different level of governance is required, from city to conurba-
tion, from local to regional. A stand-alone action by local authorities
appeared to be insufficient to minimize air pollution-related health prob-
lems. There is an urgent need to take decisive actions at all governance
levels to (i) reduce all the primary air pollutants simultaneously, ii) achieve
the objectives of the recently updated WHO AQG, and (iii) reduce inequal-
ities among countries (goal 10 of SDGs). Tackling global air pollution can
help addressing several of the UN SDGs set forth to be achieved by 2030.

The huge literature about the COVID-19 lockdown effect on air pollu-
tion highlighted the challenge for reducing the formation of secondary
pollutants (e.g., surface O3) even with strict measures to control primary
pollutant emissions (e.g., Sicard et al., 2020b; Tobías et al., 2020;
Campbell et al., 2021; Miyazaki et al., 2021). As effective long-term
abatement policies of urban pollution and human health risks in urban
centers, we recommend significant reductions of PM and VOCs emissions
concurrently with slight reductions in NOx emissions, for instance with the
regulation and enforcement of vehicle emission standards, the shift from
coal to cleaner fuels (e.g., natural gas) in residential and industrial sectors
(e.g., domestic heating), reduction in the emissions from biomass burning,
livestock, heavy industries harboring iron and steel smelts, but alsowith strin-
gent regulation of home and garden activities (e.g. cleaning,fireplaces, barbe-
ques, green waste burning). For all air pollutants, the effectiveness and costs
of reduction technologies should be considered (Tucker, 2000).
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