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H I G H L I G H T S  G R A P H I C A L  A B S T R A C T  

• We calculated human health and vege-
tation exposure O3 metrics for Poland. 

• We calculated short-term trends for O3 
metrics over the pre-COVID19 period 
(2010–2019). 

• We used an interpolation approach to 
map O3 exposure for risk assessment. 

• We found that the O3 baseline level is 
rising in both urban and rural areas. 

• We discussed spatial distribution of 
levels and changes in O3 levels.  
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A B S T R A C T   

Hourly ground-level ozone (O3) data from 52 monitoring stations in Poland were analyzed over a ten-year pre- 
COVID19 period (2010–2019) to map and define areas at risk for human health and vegetation, and to calculate 
trends over the study period. Annual O3 metrics (24-h average concentrations, 50th percentiles, and hourly 
maxima), human health metrics (Sum Of daily maximum 8-h Means Over 35 ppb, SOMO35, summertime average 
of the daily 8-h maximum O3 concentrations, O3 MDA8, and number of daily maximum 8-h values above 60 ppb, 
EU60) and vegetation exposure metrics (AOT40, i.e., accumulation of hourly O3 concentrations exceeding 40 ppb 
during the growing season for agricultural crops AOT40c and forests AOT40f) were investigated. Higher O3 levels 
occurred in rural areas than in cities. Between 2010 and 2019, the O3 levels were rising in both urban and rural 
areas. Despite the reduction of nitrogen oxides (NOx: - 2.33% year-1) and volatile organic compounds emissions 
(VOCs: - 0.95% year-1), annual O3 mean levels (+0.81 and +0.12% year-1), 50th percentiles (+1.06 and ~0% 
year-1), hourly maxima (- 0.10 and +0.23% year-1), SOMO35 (+2.86 and +1.50% year-1), summertime O3 MDA8 
(+0.49 and +0.48% year-1), EU60 (+0.09 and +0.15 days year-1), AOT40c (+3.79 and +3.29% year-1) and 
AOT40f (+4.47 and +4.34% year-1) commonly increased in urban and rural stations. The O3 levels increased at 
75.0% of urban stations and 62.5% of rural stations. A slight decline of the number of O3 peaks occurred in cities, 
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likely driven by the recent reductions in NOx emissions by on-road transport. For all metrics, the increase can be 
attributed to higher regional photochemical O3 formation and rising background O3 levels likely driven by 
imported O3 and its precursors by long-range transport, climate change, and lower O3 titration by NOx emissions 
decline. The failure to attain the target value for O3 for protecting vegetation and human health and vegetation 
persists. Southeastern Poland, where coal stoves are still used for residential heating, faces the highest O3 risk. 
This study reports new information on surface O3 levels, exceedances, and trends in Poland to develop effective 
policies to mitigate O3 effects.   

1. Introduction 

Nitrogen oxides (NOx), volatile organic compounds (VOCs) and 
carbon monoxide (CO) are the main precursors of tropospheric ozone 
(O3) (Monks et al., 2015). In terms of radiative forcing, O3 is the third 
most important greenhouse gas, and contributes to climate change 
(IPCC, 2022). With a lifetime of several days in the boundary layer to 
several months in the free troposphere, O3 can be transported from 
regional to hemispheric scale, influencing areas that are far from the 
source regions (De Marco et al., 2022). This implies that O3 concentra-
tions are higher in rural and remote areas downwind of urban and in-
dustrial sources of precursors emissions, i.e., in areas important for 
forestry, agriculture, and grassland which also support vast ecosystem 
services (Emberson, 2020). Tropospheric O3 causes widespread con-
cerns about ecosystem health and biosphere sustainability (e.g., Paoletti 
et al., 2019; Agathokleous E. et al., 2020,2022; Proietti et al., 2021; 
Sicard et al., 2021a). 

Despite efforts to control O3 precursors, the global rising background 
O3 levels can be attributed to climate change leading to higher CH4 
emissions, NOx produced by lightning, and stratospheric O3 inputs 
(Sicard et al., 2017). Rising O3 levels are observed in cities worldwide 
(Sicard, 2021), mainly due to reduced O3 titration by NO (Sicard et al., 
2023). Many studies have shown that surface O3 has adverse impacts on 
human health (e.g., Cohen et al., 2017; Javanmardi et al., 2018; 
Nuvolone et al., 2018; Zhang et al., 2019), biodiversity (Agathokleous 
et al., 2020), natural ecosystems and crops (Mills et al., 2018), and 
materials (Screpanti and De Marco, 2009). Consequently, surface O3 
pollution has become a major environmental and public health concern 
(Malashock et al., 2022). In 2019, millions of citizens face O3 levels 
above the World Health Organization (WHO) limit values for human 
health protection (EEA, 2020), leading to nearly 150,000 premature 
deaths in cities with more than 50,000 inhabitants in the world (Mala-
shock et al., 2022). 

In Europe, the European Parliament and of the Council adopted Di-
rectives on ambient air quality (e.g., Directives, 1992/72/EC, 
2002/3/EC, 2008/50/EC) to regulate the air pollution such as O3, ni-
trogen dioxide, sulfur dioxide, and particulate matter by setting target 
values and critical levels for human health and vegetation protection 
(EC, 2008). Following the implementation of such air quality directives 
and emissions control policies, the abundance of monitoring stations 
increased fast across Europe (Schultz et al., 2017). 

In a climate change context, with rising air temperature and more 
frequent heat waves, a better understanding of O3 impacts on human 
health and vegetation, and related trends, is still challenging for air 
quality management (Yan et al., 2018; Sicard et al., 2020a). Identifying 
surface O3 trends is also important for assessing the efficiency of emis-
sions control policies across Europe (Monks et al., 2015). The relative 
severity of exposure to O3 can be estimated by calculating exposure 
metrics for human health and vegetation across a region, as well as the 
exceedance of critical levels (Fleming et al., 2018; Lefohn et al., 2018; 
Mills et al., 2018). 

The ground-level O3 trends over time are well described in the in-
ternational literature (e.g., Guerreiro et al., 2014; Monks et al., 2015; 
Sicard et al., 2016a; Fleming et al., 2018; Yan et al., 2018; Sicard, 2021; 
Adame et al., 2022), except in eastern Europe, in particular Poland 
(Sicard, 2021). Yet 33 out of the 50 most polluted cities in the world 

were in Poland in 2016 (WHO, 2019). Hence, critical levels of O3 are 
frequently exceeded in Poland (Wałaszek et al., 2018), leading to 
increased annual O3-related number of premature deaths (+0.45 deaths 
per 106 inhabitants) between 2000 and 2017 (Sicard et al., 2021b). To 
summarize risk to vegetation and people, we aimed at analyzing annual 
surface O3 metrics (24-h average concentrations, 50th percentile, and 
hourly maximum), vegetation exposure metrics (AOT40, i.e., accumu-
lation of hourly O3 concentrations exceeding 40 ppb for daylight hours 
during the growing season for crops and forests) and human health 
exposure metrics (SOMO35, i.e. the annual Sum Of daily maximum 8-h 
Means Over 35 ppb, summertime O3 MDA8, i.e., summertime average of 
the daily 8-h maximum O3 concentrations, and EU60, i.e. the number of 
daily maximum 8-h values above 60 ppb) at individual sites (Lefohn 
et al., 2018). For the first time, a ten-year analysis of surface O3 levels 
and short-term annual trends were conducted at 16 rural and 36 urban 
stations across Poland over the time period 2010–2019. This study aims 
to i) produce maps of O3 metrics for risk assessment; ii) detect and es-
timate the trends in O3 metrics over time as well as in O3 precursor 
emissions. In this study, we have hypothesized that the European and 
national precursors emissions control strategies are effective in reducing 
O3 concentrations in Poland, and potential impacts on human health and 
vegetation. 

2. Materials and methods 

2.1. Data selection 

The classification of stations follows the European Environment 
Agency guidelines, i.e., the NO-to-NO2 ratio is used to classify stations as 
rural or urban background stations (Snel et al., 2004). For both urban 
and rural background stations, the hourly O3 data were retrieved from 
the “AirBase” database of the European Environment Agency (EEA, 
2020) over the time period 2010–2019. For each monitoring station, 
with at least 85% of validated hourly data per calendar year, we have 
calculated the following annual O3 metrics: 24-h average concentration, 
50th percentile, hourly maximum, human health (SOMO35, summer-
time O3 MDA8, and EU60) and vegetation exposure metrics (AOT40 for 
crops (AOT40c) and forests (AOT40f); Mills et al., 2018). The levels of 
O3 were examined over a ten-year period at 52 monitoring stations, 
including 16 rural and 36 urban stations, across Poland (Table 1S). From 
year to year, the number of background stations did not change. 

To assess the efficiency of the control strategies in reducing both the 
emission of O3 precursors and ground-level O3 in Poland, the official 
emissions of main O3 precursors (NOx and non-methane VOCs) were 
obtained at national scale from the European Monitoring and Evaluation 
Program - Center on Emission Inventories and Projections for two time 
periods: 2005–2019 and 2010–2019. The emission data were also 
examined for European Union as a whole, and neighboring countries 
such as Belarus, Czech Republic, Russia, Slovakia, and Ukraine to ac-
count the long-range precursors transport. 

2.2. Human health and vegetation exposure metrics 

2.2.1. Human health metrics 
The ambient air quality and Cleaner Air For Europe (CAFE) Directive 

2008/50/EC (EC, 2008) has been adopted in May 2008, and sets an O3 
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target concentration value of 60 ppb for the daily maximum 8-h average 
(abbreviated as EU60) for the protection of human health. The number 
of daily 8-h maximum means over 60 ppb may not exceed 25 days per 
calendar year (EC, 2008). 

Based on the recommendation of the WHO and epidemiological 
studies, SOMO35 (in ppb days) is commonly used for exposure assess-
ment and health risk for O3 (WHO, 2008). 

SOMO35=
∫ n

i=1
max([O3] − 35), 0). dt (1)  

where [O3] is the ozone daily 8-h maximum means (ppb) exceeding 35 
ppb, n is the number of days per calendar year, and dt is time step. A 
critical level of 3000 ppb days was suggested by Ellingsen et al. (2008). 

In epidemiological studies, the highest seasonal (summertime, e.g., 
April–September at 45◦N latitude) average daily 8-h maximum O3 
concentration (abbreviated as “summertime O3 MDA8”) is well corre-
lated to all-causes, respiratory, and cardiovascular mortality (Turner 
et al., 2016). Therefore, most of epidemiological studies used the sum-
mertime O3 MDA8 as human health-related O3 metric (GBD, 2020), and 
to represent the higher O3 exposure levels of population in urban areas 
(Lefohn et al., 2018). The summertime O3 MDA8 was calculated as the 
annual maximum of the six-month running mean of the average daily 
8-h maximum O3 concentration. 

2.2.2. Vegetation exposure metrics 
AOT40f and AOT40c (in ppb hours) represent the accumulation of 

hourly O3 concentrations above 40 ppb between 8 a.m. and 8 p.m. from 
1st May to 31st July for any kind of (semi)natural vegetation/crops, and 
from 1st April to 30th September for forest trees (Mills et al., 2018). 

AOT40=
∫ n

i=1
max(([O3] − 40), 0). dt (2)  

where [O3] is the hourly O3 concentration (ppb), n is the number of 
hours during the assumed growing season, and dt is time step (1-h). In 
Europe, a critical level of AOT40c = 3000 ppb h has been established for 
agricultural crops (EC, 2008) and an AOT40f = 5000 ppb h is recom-
mended for the protection of forests (UNECE, 2010). 

2.3. Estimation of annual trends 

To detect short-term changes within the O3 time series, the Mann- 
Kendall test and Sen’s slope estimator have been applied (Chatto-
padhyay et al., 2012; Guerreiro et al., 2014; Lefohn et al., 2018; Ara-
minienė et al., 2019; Eghdami et al., 2022). Both non-parametric tests 
are robust for non-normal data distribution (Sicard et al., 2016a; Lefohn 
et al., 2018). For O3 data analysis, a ten-year time-series is long enough 
to capture short-term trends over time likely due to changes in VOCs and 
NOx emissions rather than meteorological variations (Monks et al., 

2015; Sicard, 2021). Therefore, we have selected the background sta-
tions across Poland with at least 85% of validated hourly data per cal-
endar year for ten years (2010–2019). The trends are considered as 
significant at α < 0.05. 

2.4. Mapping of ozone metrics 

Ozone mapping is important for risk assessment as it can promote 
policy decisions on air quality, which in turn affect public behaviors (De 
Marco et al., 2022). For mapping, we used the ArcGIS 9.2 software and 
Geostatistical Analyst extension. The rural and urban background sta-
tions were georeferenced, and then interpolation maps were produced 
by considering a 100 km radius as spatial representativeness of surface 
O3 data around each rural station, representative of background O3 
pollution (De Leeuw, 2000), and 5.5 km radius for each urban station 
(Kracht et al., 2017). The co-kriging was executed with a so-called 
Gaussian semivariogram model and 10 lags (lag size = 0.1), with no 
anisotropy and 2nd order trend removal for station data. Due to the 
heterogeneous geographical distribution of the O3 monitoring stations, 
interpolation maps were generated using 4 nearby stations. 

3. Results 

3.1. Annual ozone metrics in Poland 

By joining annual data from the 16 rural and 36 urban stations over 
the time period 2010–2019, the annual 24-h average O3 concentrations 
was 27.9 ± 4.4 ppb at rural stations and 23.3 ± 2.2 ppb at urban stations 
(Table 1). The highest annual O3 mean concentration occurred in 2018 
at rural stations (29.1 ppb) and in 2019 at urban stations (24.8 ppb), 
while the lowest annual O3 mean level was observed at rural (25.8 ppb) 
and urban stations (21.8 ppb) in 2014 (Tables 2S–3S). Similarly, the 
averaged 50th percentile of O3 concentrations was higher at rural sta-
tions (26.8 ± 4.7 ppb) than urban stations (22.1 ± 2.8 ppb). The annual 
50th percentiles ranged from 24.4 ppb in 2014 to 27.7 ppb in 2018 at 
rural stations and from 20.4 ppb in 2016 to 24.0 ppb in 2019 at urban 
stations. Between 2010 and 2019, the annual average of hourly maxima 
of O3 were higher at rural stations (81.4 ± 4.1 ppb) than urban stations 
(78.9 ± 5.7 ppb) reaching 109.0 ppb in 2010 at urban stations and 
106.3 ppb in 2015 at rural stations. 

Between 2010 and 2019, the averages of O3 exposure metrics were 
higher at rural stations and lower at urban stations (Table 1): SOMO35 
(2440 ± 603 vs. 1764 ± 436 ppb days), summertime O3 MDA8 (57.2 ±
2.8 vs. 53.9 ± 3.7 ppb), EU60 (18.5 ± 8.1 vs. 11.3 ± 6.1 days), AOT40c 
(6910 ± 1404 vs. 5433 ± 1819 ppb h) and AOT40f (12,221 ± 2515 vs. 
9247 ± 3033 ppb h). The SOMO35 ranged from 1818 to 3074 ppb days 
at rural stations, while at urban stations SOMO35 ranged from 1426 to 
2251 ppb days. The highest and lowest SOMO35 values were recorded in 
2018 and 2017 at both rural and urban stations, respectively 

Table 1 
National-averaged ozone metrics and annual trends magnitude, with standard deviation, calculated by joining annual data from 16 rural and 36 urban stations over the 
time period 2010–2019: annual average ozone concentrations (annual mean), 50th percentiles (median) and hourly maxima of hourly average concentrations (hourly 
max.) over 24-h period, Sum Of daily maximum 8-h Means Over 35 ppb, (SOMO35), summertime average daily 8-h maximum ozone concentrations (summertime O3 
MDA8), numbers of days in which the ozone concentrations were over 60 ppb in at least one 8-h period (EU60), and sum of the hourly ozone concentrations exceeding 
40 ppb for daylight hours during the growing season for vegetation (AOT40v) and forests (AOT40f). The trend magnitudes are significant at p < 0.05.  

Ozone metrics Rural sites (n = 16) Urban sites (n = 36) 

Average Trend Average Trend 

Annual mean 27.9 ± 4.4 ppb +0.12 ± 0.96% year− 1 23.3 ± 2.2 ppb +0.81 ± 1.05% year− 1 

50th percentile 26.8 ± 4.7 ppb +0.02 ± 0.99% year− 1 22.1 ± 2.8 ppb +1.06 ± 1.40% year− 1 

Hourly max. 81.4 ± 4.1 ppb +0.23 ± 1.14% year− 1 78.9 ± 5.7 ppb - 0.10 ± 0.86% year− 1 

SOMO35 2440 ± 603 ppb days +1.50 ± 4.57% year− 1 1764 ± 436 ppb days +2.86 ± 4.25% year− 1 

O3 MDA8 57.2 ± 2.8 ppb +0.48 ± 1.03% year− 1 53.9 ± 3.7 ppb +0.49 ± 0.86% year− 1 

EU60 18.5 ± 8.1 days +0.15 ± 1.45 days year− 1 11.3 ± 6.1 days +0.09 ± 0.71 days year− 1 

AOT40c 6910 ± 1404 ppb h +3.29 ± 5.29% year− 1 5433 ± 1819 ppb h +3.79 ± 6.79% year− 1 

AOT40f 12,221 ± 2515 ppb h +4.34 ± 7.16% year− 1 9247 ± 3033 ppb h +4.47 ± 6.82% year− 1  
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(Tables 2S–3S). The summertime O3 MDA8 ranged from 51.2 to 52.5 
ppb (in 2017) to 58.2 and 61.3 ppb (in 2015) at urban and rural stations, 
respectively. The EU60 ranged from 7.4 days in 2017 to 28.7 days in 
2018 at rural stations and from 7.4 days in 2014 to 21.5 days in 2015 at 
urban stations. The AOT40c values at rural stations ranged from 4753 
ppb h in 2017 to 9770 ppb h in 2018, while at urban stations the AOT40c 
values ranged from 4439 ppb h in 2017 to 7500 ppb h in 2018 
(Tables 2S–3S). The range of AOT40f values at rural stations was 7639- 
17,196 ppb h, and 6951-13,002 ppb h at urban stations. 

3.2. Mapping of surface ozone levels for risk assessment 

The annual O3 mean concentrations were higher in rural areas in 
Southern Poland at mountainous stations in southwest (Fig. 1S), e.g., in 
Śnieżka (1600 m a.s.l.) and Czerniawa (650 m a.s.l.) with annual levels 
exceeding 35 ppb (Fig. 1a). Lower O3 levels were recorded in urban 
areas, e.g., in Tarnów (southeast), Warsaw (central Poland), and Kato-
wice (south) with annual levels below 20 ppb. The lowest 50th per-
centiles (<20 ppb) were recorded in well-industrialized cities in the 
South and in Warsaw (center), while the highest values (>35 ppb) were 
recorded in mountainous areas in southwest Poland (Fig. 2a). The 

hourly maxima were generally lower in the North (<75 ppb) and higher 
(>85 ppb) in the South of Poland (Fig. 3a). The lowest hourly maxima 
were recorded in rural areas, such as in Borsukowizna (northeast) and 
Diabla Góra (north), with hourly maxima lower than 75 ppb. In rural 
stations of southern Poland, the hourly maxima reached about 85 ppb in 
Złoty Potok and Krzyżówka. The highest hourly maxima (>90 ppb) were 
observed in well-urbanized and industrialized areas in Southern Poland 
e.g., nearby Katowice (Fig. 3a). 

For the protection of human health, the SOMO35 (Fig. 4a), sum-
mertime O3 MDA8 (Fig. 5a), and EU60 (Fig. 6a) values were generally 
lower in northwest and higher in southwest of Poland over the time 
period 2010–2019. The lowest SOMO35 values (Fig. 4a) were recorded 
in urban areas in northwest Poland (Gdansk and Gdynia, <1000 ppb 
days), while the highest values were observed in southwest Poland in 
both rural (Śnieżka and Czerniawa, >4000 ppb days) and urban areas 
(Cieszyn and Wałbrzych, ~2500 ppb days). The highest seasonal 
average daily 8-h maximum O3 concentration (>55 ppb) were observed 
in both rural and urban areas, in particular in industrialized areas in 
Southern Poland e.g., nearby Katowice (Fig. 5a). The lowest EU60 (<5 
days) were observed in the cities in northern Poland (Gdansk and 
Gdynia) while the maximum EU60 (>25 days) values were recorded in 
rural areas in southwestern Poland, particularly at mountainous stations 
(e.g., ́Snieżka), and downwind of well-urbanized areas nearby Kraków in 
southern Poland and Poznań in central Poland (Fig. 6a). 

The spatial distribution of vegetation impact metrics (Figs. 7a–8a) is 
similar to human health metrics, i.e., generally lower in the North and 
higher in the South of Poland in both rural and urban areas. Indeed, the 
lowest AOT40c (<4000 ppb h) and AOT40f (<5000 ppb h) values were 
recorded in urban areas in northwestern Poland while the largest values 
(AOT40c > 7000 ppb h; AOT40f > 12,000 ppb h) were observed in rural 
areas at mountainous stations (above 800 m a.s.l.) in southwestern 
Poland and downwind of urbanized areas nearby Katowice and Kraków 
in Southern Poland, and Poznań in central Poland. 

3.3. Trends in ozone precursor emissions 

In the European Union, the NOx and non-methane VOCs (NMVOCs) 
declined respectively by 2.59% year− 1 and 1.38% year− 1 over the time 
period 2010–2019 (Table 2). In Poland, significant reductions (p < 0.05) 
were observed, i.e., 0.95% year− 1 for NMVOCs and 2.3% year− 1 for NOx 
between 2010 and 2019. The road transport-related NOx and NMVOCs 
emissions declined by 0.75% year− 1 and 3.96% year− 1 over the time 
period 2010–2019, while the NMVOCs from industry sector increased by 
2.53% year− 1 (data not shown). Except for Russia, we found significant 
declines of O3 precursor emissions, specifically 1.20–1.85% year− 1 for 
NMVOCs and 1.53–2.01% year− 1 for NOx, in neighboring countries 
(Belarus, Czech Republic, Slovakia, and Ukraine). In Russia, the emis-
sions of NMVOCs (+1.56% year− 1) and NOx (+1.10% year− 1) increased 
over the time period 2010–2019 (Table 2). 

Table 2 
National annual emissions (Gg) and trends (% per year) of main ozone precursors, non-methane volatile organic compounds (NMVOC) and nitrogen oxides (NOx = NO 
+ NO2), obtained by the Mann-Kendall test over the time periods 2005–2019 and 2010–2019. All trend magnitudes are significant at p < 0.05.   

2005–2019 2010–2019 

NMVOC NOx NMVOC NOx 

Mean (Gg) % year− 1 Mean (Gg) % year− 1 Mean (Gg) % year− 1 Mean (Gg) % year− 1 

Poland 755 ± 57 - 1.39 765 ± 85 - 2.12 722 ± 33 - 0.95 722 ± 70 - 2.33 
Belarus 302 ± 80 - 2.47 165 ± 17 - 1.46 271 ± 81 - 1.85 156 ± 13 - 1.53 
Czech Republic 244 ± 18 - 0.86 233 ± 42 - 2.11 233 ± 9 - 1.20 209 ± 25 - 1.98 
Russia 2482 ± 237 +1.26 2575 ± 560 - 1.50 2566 ± 234 +1.56 2216 ± 146 +1.10 
Slovakia 116 ± 15 - 1.54 74 ± 16 - 2.26 107 ± 9 - 1.70 70 ± 9 - 2.01 
Ukraine 306 ± 79 - 2.50 575 ± 111 - 0.96 298 ± 92 - 1.79 552 ± 83 - 1.78 
E.U. (28) 7380 ± 919 - 2.27 8131 ± 1459 - 3.01 6826 ± 394 - 1.38 7271 ± 754 - 2.59  

Table 3 
Annual ozone mean concentrations (ppb) and annual trends obtained by Mann- 
Kendall test (at p < 0.05), with standard deviation, calculated for urban and 
rural monitoring stations over the time periods 2005–2014 and 2005–2018 for 
Germany and the United States (N: number of stations; extracted from Sicard 
et al., 2020a).   

Time period N Rural stations N Urban stations 

France 2005–2014 44 31.4 ± 6.5 136 24.0 ± 3.8 
Trend (% 

year− 1) 
- 0.35 ± 1.40 +1.29 ± 1.75 

Germany 2005–2018 68 29.1 ± 5.5 79 21.5 ± 3.2 
Trend (% 

year− 1) 
- 0.27 ± 0.62 +0.84 ± 0.70 

Italy 2005–2014 16 33.4 ± 9.1 50 24.9 ± 4.9 
Trend (% 

year− 1) 
- 2.18 ± 1.61 +1.73 ± 3.37 

Japan 2005–2014 12 36.8 ± 8.1 55 26.8 ± 3.7 
Trend (% 

year− 1) 
- 0.90 ± 1.60 +1.79 ± 1.30 

Spain 2005–2014 53 34.6 ± 5.6 77 24.3 ± 5.7 
Trend (% 

year− 1) 
- 0.26 ± 2.10 +2.22 ± 3.00 

United 
Kingdom 

2005–2014 22 28.5 ± 3.3 29 19.5 ± 4.5 

Trend (% 
year− 1) 

- 2.00 ± 2.20 - 0.92 ± 1.74 

United States 2005–2018 69 34.8 ± 7.1 147 27.5 ± 4.6 
Trend (% 

year− 1) 
- 0.80 ± 0.57 +0.76 ± 1.34 

Poland 2010-2019 16 27.9 ± 4.4 36 23.3 ± 2.2 
Trend (% 

year− 1) 
þ 0.12 ± 
0.96 

þ 0.81 ± 
1.05  
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3.4. Surface ozone metrics over time 

At rural stations, the annual O3 mean concentrations significantly 
increased by 0.12% year− 1 between 2010 and 2019 (Table 1), and up-
ward trends were also observed for hourly maxima (+0.23% year− 1) and 
slightly for 50th percentiles (+0.02% year− 1). The human health and 
vegetation impact metrics SOMO35 (+1.50% year− 1), summertime O3 
MDA8 (+0.48% year− 1), EU60 (+0.15 days year− 1), AOT40c (+3.29% 
year− 1) and AOT40f (+4.34% year− 1) are also rising over the study 
period. At urban stations, mean concentrations and 50th percentiles 
displayed an upward trend (+0.81 and + 1.06% year− 1, respectively) 
while slight downward trend was observed for hourly maxima (- 0.10% 
year− 1). In urban areas, SOMO35 (+2.86% year− 1), summertime O3 
MDA8 (+0.49% year− 1), EU60 (+0.09 days year− 1), AOT40c (+3.79% 
year− 1), and AOT40f (+4.47% year− 1) have significantly increased 
during the study period, to levels considerably higher than at rural 
stations (Table 1). 

At national scale, the annual O3 mean concentrations are declining 
(less than - 1.0% year− 1) in northern Poland and are rising (more than +
1.5% year− 1) in southeast Poland in both rural and urban stations 
(Fig. 1b). At rural stations, the trends in O3 mean concentrations ranged 
from - 1.37% year− 1 in Diabla Góra (north) to + 1.86% year− 1 in 
Osieczów in southwest (Tables 2S–3S). At urban stations, the trends 
ranged from - 1.54% year− 1 in Bydgoszcz (north) to + 2.91% year− 1 in 
Kraków (southeast). Similarly, the 50th percentile of O3 concentrations 
are declining (less than - 1.0% year− 1) in northern Poland and are rising 
(more than + 2.0% year− 1) in southeast Poland (Fig. 1b). In rural areas, 
the trends in 50th percentiles ranged from - 1.55% year− 1 in Diabla Góra 
(north) to + 2.05% year− 1 in Osieczów in southwest (Tables 2S–3S). In 
cities, the trends ranged from - 2.19% year− 1 in Bydgoszcz (north) to +
4.15% in Kraków (southeast). At rural and urban stations, the hourly 
maxima are decreasing (less than - 1.0% year− 1) in northeast and in the 
South nearby Kraków and are rising (more than + 1.5% year− 1) in 
southeast and western Poland (Fig. 3b). In rural areas, the trends in 

Fig. 1. Annual ozone mean concentrations (a) and annual trend magnitude (b) calculated by joining annual data from 16 rural and 36 urban stations over the time 
period 2010–2019. 

Fig. 2. Annual 50th percentiles of ozone concentrations (a) and annual trend magnitude (b) calculated by joining annual data from 16 rural and 36 urban stations 
over the time period 2010–2019. 
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hourly maxima ranged from - 1.42% year− 1 in Jarczew (east) to + 2.80% 
year− 1 in Smolary Bytnickie (west). At urban sites, the trends ranged 
from - 2.22% year− 1 in Zabrze (south) to + 2.34% year− 1 in Radom 
(central region). 

Regarding human health, the trends in SOMO35, summertime O3 
MDA8, and EU60 mean values are presented in Figs. 4b, 5b and 6b, 
respectively. High declines in SOMO35 (less than - 2.0% year− 1), sum-
mertime O3 MDA8 (less than - 1.0% year− 1) and EU60 (less than - 1 days 
year− 1) were observed in northeastern Poland while significant in-
creases in SOMO35 (more than + 6.0% year− 1), summertime O3 MDA8 
(more than + 1.5% year− 1) and EU60 (more than + 2 days year− 1) were 
found in southeast and western Poland. In rural areas, the trends in 
SOMO35 ranged from - 4.31% year− 1 in Jarczew (east) to + 11.45% 
year− 1 in Smolary Bytnickie (west), summertime O3 MDA8 ranged from 
- 1.30% year− 1 in Puszcza (north) to + 1.51% year− 1 in Widuchowa 
(west), and EU60 ranged from - 3.3 days per year in ́Snieżka (southwest) 
to + 2.7 days per year in Smolary Bytnickie (west). In urban areas, 
SOMO35 varied from - 3.07% year− 1 in Gdansk (north) to + 17.36% 

year− 1 in Kraków (southeast), summertime O3 MDA8 ranged from - 
0.68% year− 1 in Olsztyn (northeastern) to + 2.30% year− 1 in in Kraków 
(southeast), and the trends in EU60 ranged from - 2.42 days per year in 
Cieszyn (south) to + 1.25 days per year in Dabrowa Górnicza (south). 

The spatial distribution of trends in vegetation impact metrics are 
similar between AOT40c (Fig. 7b) and AOT40f (Fig. 8b) with higher 
increases (more than + 8.0% year− 1) observed in southeast and western 
Poland, and higher declines (less than - 2.0% year− 1) found in northern 
Poland. In rural areas, the trends in AOT40c and AOT40f ranged from - 
5.01% year− 1 and - 3.83% year− 1 in Jarczew (east) to + 16.20% year− 1 

and +22.35% year− 1 in Smolary Bytnickie (west). In urban areas, the 
trends in AOT40c ranged from - 4.34% year− 1 in Elblag (north) to +
34.10% year− 1 in Kraków (southeast), while trends in AOT40f in urban 
areas ranged from - 2.75% in Gdansk (north) to + 38.09% in Kraków 
(southeast). 

Fig. 3. Hourly maxima ozone concentrations (a) and annual trend magnitude (b) calculated by joining annual data from 16 rural and 36 urban stations over the time 
period 2010–2019. 

Fig. 4. Annual SOMO35 values (a) and annual trend magnitude (b) calculated by joining annual data from 16 rural and 36 urban stations over the time 
period 2010–2019. 
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4. Discussion 

4.1. Spatial distribution of ground-level ozone metrics 

Surface O3 mean concentrations vary significantly over space and 
time (e.g., Sicard et al., 2017; Boleti et al., 2020; De Marco et al., 2022). 
Hence, the generation of spatiotemporal maps of O3 metrics is crucial for 
accurate risk assessment (Lefohn et al., 2018; De Marco et al., 2022) and 
can provide valuable information on the spatial distribution of areas at 
high and medium O3 risk (Downey et al., 2015; Paoletti et al., 2019; De 
Marco et al., 2022). In this study, a kriging interpolation method, suit-
able for spatial mapping of ground-based observations of O3 (Sicard 
et al., 2016a), has been applied to overcome the lack of monitoring 
stations in some areas and allowed the creation of a continuous infor-
mation layer. 

The highest annual O3 mean concentrations and 50th percentiles 
(>30 ppb) were recorded in southwestern Poland, while the lowest 
annual O3 levels (<20 ppb) and highest hourly maxima (>90 ppb) were 

observed in major cities and downwind of industrial areas nearby 
Kraków, Katowice, and Warsaw with high NOx and VOCs emissions 
(Bebkiewicz et al., 2020). In urban areas, fresh nitrogen oxides (NO) 
emissions from road traffic, can deplete O3 locally (Sicard et al., 2020a; 
Agathokleous S. et al., 2022; Calatayud et al., 2023). Higher annual O3 
mean concentrations were recorded in rural areas (on average, 28 ppb), 
mainly due to higher emissions of biogenic VOCs, weakened O3 titration 
by NO, and transport of O3 and precursors from major urban centers 
(Monks et al., 2015; Sicard et al., 2016a). Higher O3 levels (on average, 
40 ppb) at mountainous areas than lowland areas can be explained by 
higher solar radiation, biogenic VOCs emissions, and stratospheric O3 
inputs into the troposphere (e.g., Chevalier et al., 2007; Lefohn et al., 
2012; Sicard et al., 2016a) as well as by reduced O3 uptake by plants due 
to different conditions of light, air temperature, and vapor pressure 
deficit controlling the O3 deposition at high-elevation sites (Turnipseed 
et al., 2009). In Cyprus, Agathokleous S. et al. (2022) also recorded the 
highest O3 levels at the mountainous station Mt. Troodos (~1800 m a.s. 
l). The annual O3 mean concentrations recorded in Poland are like those 

Fig. 5. The highest seasonal average daily 8-h maximum ozone concentration, abbreviated as “summertime O3 MDA8” (a) and annual trend magnitude (b) calculated 
by joining annual data from 16 rural and 36 urban stations over the time period 2010–2019. 

Fig. 6. EU60, number of daily maximum 8-h means over 60 ppb (a) and annual trend magnitude (b) calculated by joining annual data from 16 rural and 36 urban 
stations over the time period 2010–2019. 
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observed across Europe (e.g., Sicard et al., 2013, 2016a), but lower than 
O3 levels observed in the United States and Japan (Sicard et al., 2020a). 

Elevated O3 exposures are harmful for human health, vegetation, and 
agricultural crops (Mills et al., 2018; De Marco et al., 2022; Eghdami 
et al., 2022; Sicard et al., 2023), and current ambient levels are high 
enough to adversely affect vegetation (e.g., Paoletti et al., 2019; Sicard 
et al., 2020a; Proietti et al., 2021; Anav et al., 2022) and human health 
(Malashock et al., 2022) in central Europe. In Polish cities, the annual 
number of premature deaths attributed to surface O3 increased by 0.45 
deaths per 106 inhabitants over 2000–2017 (Sicard et al., 2021b). To 
evaluate the effects of exposure and guide agendas addressing human 
health and vegetation protection, exposure-based metrics such as 
AOT40, SOMO35, summertime O3 MDA8, and EU60 were established 
(Lefohn et al., 2018). Such metrics are a reliable and informative 
approach to verify the efficiency of the control strategies for reducing 
the surface O3 levels and for mitigating the adverse effects on human 
health and vegetation (Monks et al., 2015). In Poland, the lowest 
SOMO35, summertime O3 MDA8, and EU60 values were recorded in 

cities, while the highest values were found in rural areas. For both 
human health exposure metrics, a strong gradient 
southwest-to-northwest occurred across Poland, with the highest O3 
human health metrics (SOMO35 > 3000 ppb days, summertime O3 
MDA8 > 55 ppb, and EU60 > 25 days per year) observed in south-
western Poland, particularly in industrialized and urbanized areas 
(central Poland) and mountains areas (southwestern Poland) where the 
critical levels are regularly exceeded. In Slovakia, the SOMO35 values at 
27 monitoring stations ranged from 880 to 9500 ppb days over 
2001–2005 (Kremler, 2007). For O3 impact assessment on vegetation, 
the concentration-based AOT40 exposure index has been used. Higher 
AOT40c and AOT40f values were recorded at rural stations (on average, 
~6900 and 12,200 ppb h, respectively) than at urban stations (on 
average, ~5400 and 9200 ppb h, respectively). Over the time period 
2010–2019, the gradient of the AOT40c values was similar to AOT40f, i. 
e., lower AOT40c (<3000 ppb h) and AOT40f (<5000 ppb h) in north-
western Poland and higher values (AOT40c > 7000 ppb h; AOT40f > 12, 
000 ppb h) found in rural areas at mountainous station in southwestern 

Fig. 7. AOT40c, i.e., sum of the hourly concentrations above 40 ppb during the growing season for crops (a) and annual trend magnitude (b) calculated by joining 
annual data from 16 rural and 36 urban stations over the time period 2010–2019. 

Fig. 8. AOT40f, i.e., sum of the hourly concentrations above 40 ppb during the growing season for forests (a) and annual trend magnitude (b) calculated by joining 
annual data from 16 rural and 36 urban stations over the time period 2010–2019. 
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Poland and downwind of urbanized areas in southern and central. In 
Slovakia, the mean exposures for forests range between 8500 and 28, 
300 ppb h and between 5300 and 16,900 ppb h for crops over 
2001–2005 (Kremler, 2007). 

4.2. Short-term trends of ozone metrics 

The annual O3 mean concentrations and 50th percentiles increased 
in southern Poland and declined in northern Poland with a clear 
Southeastern-North gradient. In northern Poland, all O3 metrics 
declined over the study period. The hourly maxima and human health 
and vegetation exposure metrics increased in western and southeastern 
Poland, while EU60 declined in southeastern Poland, nearby Kraków 
and surroundings cities. In urban areas, the annual O3 mean concen-
trations and 50th percentiles increased by 0.81% year− 1 and 1.06% 
year− 1, respectively, over 2010–2019. An increase of annual O3 mean 
concentrations was observed at 75% of urban stations. A slight decline of 
the number of O3 peaks occurred at urban stations, i.e., hourly maxima 
(- 0.10% year− 1), while we obtained significant increase (>3% per year) 
for SOMO35, AOT40c, and AOT40f, and a slight increase for EU60 and 
summertime O3 MDA8. In rural areas, the trend in 50th percentiles is 
relatively null, while annual O3 mean concentrations are rising (+0.12% 
year− 1) at 62.5% of rural stations, i.e., that the O3 peaks and hourly 
maxima (+0.23% year− 1) increased. The human health and vegetation 
impact metrics also increased over the study period. 

In Poland, the NOx and NMVOCs emissions mainly result from en-
ergy industries (68% and 25%) and road transport (29% and 11%). The 
consumption of coal for residential heating is still relatively high 
compared to neighboring Germany and the Czech Republic, and energy 
is mostly obtained from coal burning (Bebkiewicz et al., 2020). Between 
1990 and 2017, the annual emissions from road transport have 
increased for NOx (+25%), mainly due to the increase in the transport 
activity, while a decrease of NMVOCs (- 85%) has been reported (Beb-
kiewicz et al., 2020). From 2017, with the latest Euro quality standards 
for vehicles, the NOx emissions are declining. The largest reduction of 
NMVOCs occurred in road transport and from coal mining and handling 
(Bebkiewicz et al., 2020). In Poland, the control strategies to reduce 
emissions over 2010–2019 focused more on NOx than on VOCs (- 2.33 
and - 0.95% per year, respectively), therefore most areas are under 
VOCs-limited conditions with a predominant role of reduced O3 titration 
by NO (Akimoto and Tanimoto, 2022; Zhang et al., 2022). 

A deep review of surface O3 trends at urban and rural stations 
worldwide has been published (Sicard, 2021). Since the 2000s, most 
studies have reported an upward trend for annual O3 mean concentra-
tions in urban areas worldwide (Sicard, 2021). For instance, between 
2005 and 2014, the background O3 levels have increased more in Japan, 
Spain, and France than in Poland, and less in Germany and the United 
States over 2005–2018 (Table 3). In France, significant increases of O3 
mean concentrations and 50th percentiles (~0.6% year− 1) were re-
ported at urban stations, while exposure metrics declined (~- 1.0–2.0% 
year− 1) between 1999 and 2012 (Sicard et al., 2016a). Between 2010 
and 2019, the trends in summertime O3 MDA8 ranged between − 1 and 
+1% year− 1 in urban areas with more 50,000 inhabitants in Central and 
Southern Europe (Sicard et al., 2023). The upward trend of O3 observed 
in most urban areas worldwide (under VOC-limited photochemical 
regime) can be attributed to a weakened O3 titration due to lower NOx 
emissions from e.g., road transport (Simpson et al., 2014; Sicard, 2021; 
Ren and Xie, 2022). Since the 1990s, the emission control strategies 
established by national governments focused more on NOx than on VOCs 
emissions, leading to enhanced O3 concentrations in cities (Lefohn et al., 
2018; Sicard et al., 2021b). The vehicle emission regulations could 
explain the slight reduction in O3 peaks at urban stations (de Foy et al., 
2020). Conversely, most studies have reported significant declines of 
annual O3 mean concentrations in rural areas worldwide (Sicard, 2021), 
for instance, in Germany and the United States over 2005–2018 
(Table 3). From 2000s, the human health and vegetation impact metrics 

decreased in most European rural areas (e.g., Sicard et al., 2016a; Chang 
et al., 2017). However, like in Poland the O3 levels rose (>+ 0.5% 
year− 1) in rural areas in The Netherlands and Slovakia between 2005 
and 2014 (Sicard et al., 2020a), and in East Asia between 2000 and 2014 
(Chang et al., 2017). The increase in background O3 levels (and low 
percentiles) in rural areas can be attributed to i) long-range transport of 
O3 and its precursors (Lefohn and Cooper, 2015; Malley et al., 2015), e. 
g., from Russia where the NOx and VOCs emissions increased in 
2010–2019, ii) climate change (Sicard et al., 2017; Traczyk and 
Gruszecka-Kosowska, 2020), and iii) a weakened titration of O3 by NO at 
regional scale (Sicard et al., 2017). 

By using multi-scale models, Szopa and Hauglustaine (2007) evalu-
ated the potential changes in human health exposure (SOMO35) in 
Europe by 2030 and showed that Poland is among the countries 
exhibiting an increase in surface O3 levels. The trends in exposure 
metrics (AOT40 and SOMO35) are influenced by changes in background 
O3 levels and by local NOx emissions, particularly in urban areas (Malley 
et al., 2015), while summertime O3 MDA8 and EU60 trends are mainly 
influenced by O3 peaks (Tørseth et al., 2012). For all O3 metrics, the 
greatest increases were observed at locations with the largest NOx and 
VOCs emissions e.g., industrialized areas in Southeastern Poland such as 
Katowice, Kraków, and surroundings cities where poor-quality coal 
stoves are still widely used for residential heating. Since September 
2019, burning of solid fuels (coal and wood) in boilers, stoves or fire-
places is prohibited in the city of Kraków (Traczyk and 
Gruszecka-Kosowska, 2020). In areas under a NOx-limited photochem-
ical regime, an increase in NOx levels leads to O3 formation, while an 
increase in VOCs has a small effect on O3 burden (Markakis et al., 2014; 
McDonald et al., 2018; Akimoto and Tanimoto, 2022). Anav et al. 
(2019) have observed an increase in NOx levels in southern and central 
Poland over 2001–2014. 

Due to missing meteorological data from ground stations or meteo-
rological models (De Marco et al., 2022), we did not explore the re-
lationships between O3 precursors, meteorological parameters, and 
surface O3 levels. Climate change (e.g., rising air temperature) is pro-
jected to reduce the benefits of O3 precursor emissions controls (Colette 
et al., 2015; Sicard and Dalstein-Richier, 2015). By 2100, future climate 
scenarios present a penalty for ground-level O3 of about 5 ppb in sum-
mer across Europe (Colette et al., 2015). Climate change creates addi-
tional challenges for population health and well-being (Kjellstrom and 
McMichael, 2013), forest management (Sicard and Dalstein-Richier, 
2015) and biological diversity (Agathokleous et al., 2020). 

5. Conclusions 

Based on a ten-year pre-COVID19 analysis (2010–2019) in Poland, 
people living in rural areas are exposed to higher O3 levels compared to 
those living in cities (e.g., SOMO35 = 2440 vs. 1760 ppb days). 
Southeastern Poland, where coal stoves are still the dominant heating 
system, is at high O3 risk. The O3 baseline level is rising in the Polish 
cities and rural areas despite the recent reduction of NOx and VOCs 
emissions. In cities, rising annual O3 mean concentrations and the slight 
reduction in O3 peaks are likely driven by the recent reductions in NOx 
emissions by vehicles (Euro quality standards). The increase in back-
ground O3 levels in rural areas can be attributed to long-range transport 
of O3 and its precursors, to climate change, and a weakened O3 titration 
by NOx emissions decline at regional scale. Risks of O3 exposure for 
human health and vegetation were documented, and the increase is 
likely driven by higher photochemical O3 formation at regional scale 
and rising background O3 levels, in particular in summer. 

A major concern is related to the upward trends and overrun of 
exposure metrics compared to the target values and critical levels for 
human health and vegetation protection. Despite that O3 precursor 
emissions declined, human health and vegetation are threatened by O3, 
in particular in Southern Poland. In Poland, 1500 premature deaths are 
attributed to ambient O3 exposure in 2018 (EEA, 2020). Both human 
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health exposure metrics (SOMO35, summertime O3 MDA8, and EU60) 
do not take into account the harmful effects of rising O3 baseline levels 
on human health over time. Linearity and the presence of a threshold, 
below which O3 does not adversely affect mortality, is controversial 
(Nasari et al., 2016). Bae et al. (2015) have reported non-linear con-
centration-response relationship with thresholds (30-40 ppb) between 
daily O3 mean concentration and daily number of non-accidental deaths 
in Japanese and Korean cities from 2000 to 2009. Bell et al. (2006) 
showed that even low O3 concentrations (<15 ppb), below the WHO 
regulations, are associated with increased risk of all-cause premature 
mortality. A “safe” daily O3 level would be lower than 10 ppb (Bell et al., 
2006). To protect population against O3, the use of non-linear metrics 
with no exposure threshold could be recommended. 

The exposure-based index (AOT40) appears unsuitable for the 
vegetation protection against O3 pollution (De Marco et al., 2015; 
Paoletti et al., 2019; Sicard et al., 2020b). In the last decades, the as-
sessments of O3 effects on plants have incorporated metrics with rela-
tively high cut-offs of concentration levels (e.g., hourly 40 ppb) while 
stress biology commonly follows non-linear responses (Conte et al., 
2021) and relatively low concentrations can reduce subsequent damage 
via hormetic preconditioning mechanisms or even lead to more negative 
effects in the long term (Agathokleous et al., 2019). Ozone effects on 
vegetation depend not only on the O3 concentrations in the air but also 
on O3 uptake through the stomata (Paoletti et al., 2022). Therefore, a 
stomatal flux-based metric, i.e., the Phytotoxic Ozone Dose with Y the 
O3 detoxification threshold (PODY), has been introduced for vegetation 
protection against effects of O3 (Sicard et al., 2016b). The tolerance to 
O3 changes seasonally (“dynamic threshold”) with higher tolerance in 
winter and spring and lower thresholds in summer and fall (Conte et al., 
2021). Sicard et al. (2016b) have recommended the use of POD0, 
calculated over the 24-h exposure period of time during the growing 
season, for vegetation risk assessment. For more realistic assessments, 
new metrics are needed with no (or lower) concentration cut-offs, and 
by taking into account plant defense mechanisms (Wu et al., 2021). 
However, their real-world regulatory application is technically highly 
difficult due to the high needs of data and the requirement of in-
struments, skills, and trained personnel. 

The local O3 formation depends on the VOCs-to-NOx ratio (Huszar 
et al., 2015). In urban areas, to efficiently mitigate O3 pollution, we 
recommend to significantly reduce VOCs sources in addition to re-
ductions of NOx emissions (Huszar et al., 2015; McDonald et al., 2018). 
By selecting plant species that are low VOC emitters, urban vegetation, 
in particular urban trees (Sicard et al., 2018), can effectively reduce 
rising O3 concentrations in Polish cities as demonstrated in different 
urban contexts (Florence, Italy; Bucharest, Romania; Tokyo, Japan) with 
different meteorological and pollution conditions (Sicard et al., 2022; 
Manzini et al., 2023). 
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